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ABSTRACT 23 

Unlike large dams which favor methylation of Hg in flooded soils over long periods, run-of-river 24 

dams are designed to flood a limited area of soils and are therefore not expected to significantly 25 

affect mercury (Hg) cycling or carbon processing. We studied the Hg and carbon cycles within 26 

food webs from several sectors along the Saint-Maurice River, Quebec, Canada, that differ in how 27 

they are influenced by two run-of-river dams and other watershed disturbances. We observed 28 

peak Hg concentrations in fish five-year post-impoundment, but these levels were reduced three 29 

years after this peak. Methylmercury concentrations in low trophic level fish and invertebrates 30 

were related to their carbon source (δ13C) rather than their trophic positions (δ15N). 31 

Biomagnification, measured by trophic magnification slopes, was driven mainly by 32 

methylmercury concentrations in low trophic level organisms and environmental factors related 33 

to organic matter degradation and Hg methylation. River sectors, δ13C, and δ15N predicted up to 34 

80% of the variability in food web methylmercury concentrations. The installation of run-of-river 35 

dams and the related pondages, in association with other watershed disturbances, altered carbon 36 

processing, promoted Hg methylation and its accumulation at the base of the food web, and led 37 

to a temporary increase in Hg levels in fish. 38 

 39 

 40 

TOC Art; Ponton et al., 2021  41 
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INTRODUCTION 42 

Worldwide, rivers are increasingly fragmented by dams built to provide services such as irrigation, 43 

drinking water, and hydroelectricity.1 Hydroelectricity represents approximately 16% of the 44 

world's electricity production;2 however, as countries attempt to reduce their carbon emissions, 45 

it is anticipated that there will be an expansion of hydroelectric power plants, tripling river 46 

fragmentation in the next decades.2, 3 In addition to altering river dynamics and carbon fluxes,4, 5 47 

the installation of hydroelectric dams often causes extensive upstream flooding, which can lead 48 

to the transient contamination of food webs by mercury (Hg) and methylmercury (MeHg) 49 

released by the flooded soils. MeHg in top predatory fish may reach levels that surpass 50 

consumption recommendations issued by health agencies (0.5 µg Hg/g wet weight).6, 7 Run-of-51 

river hydroelectric power plants are generally considered to have fewer environmental impacts 52 

than power plants associated with large-scale reservoirs7-9 because run-of-river dams require only 53 

limited water storage (called pondage) or even no storage at all.3 Nevertheless, studies of the 54 

potential role of run-of-river power plants on Hg food web dynamics and the related 55 

consequences of alterations of the Hg and carbon cycles remain scarce. 56 

 57 

Run-of-river impoundments could favor Hg methylation because flooded soils serve as a substrate 58 

for redox conditions conducive to Hg methylation by organic matter–degrading 59 

microorganisms.10 Microbial activity linked to organic matter degradation can alter carbon cycling 60 

by releasing carbon dioxide (CO2), methane (CH4), and transformed organic matter into the 61 

overlying water.11-13 To better understand changes in MeHg concentrations ([MeHg]) in aquatic 62 

wildlife following impoundment, the link between carbon processing and Hg methylation must 63 
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therefore be assessed. The evaluation of these links in aquatic ecosystems can rely on tracing of 64 

isotopic signature of carbon (δ13C) in different matrices.14  65 

 66 

River carbon and Hg cycles are also influenced by anthropogenic and natural disturbances in the 67 

surrounding watershed.15 For instance, logging and wildfires can lead to the leaching of Hg, 68 

organic matter, and nutrients into a river system, thereby affecting Hg concentrations in food 69 

webs.16 The construction of run-of-river facilities could exacerbate this phenomenon through the 70 

creation of permanent floodplains and sedimentation zones upstream of the dam, with yet 71 

unexplored effects on Hg cycling.4 72 

 73 

Once Hg has been microbially methylated, it biomagnifies efficiently.17 MeHg trophic transfer 74 

efficiency is often evaluated through the use of the trophic magnification slope (TMS), which is 75 

the slope of the regression between log-transformed [MeHg] in organisms and their nitrogen 76 

isotopic signature (δ15N).18 The TMS can vary due to changing environmental factors, including 77 

nutrient concentrations;19 however, more studies are needed to understand the factors 78 

influencing TMS. No study has used TMS to trace spatial changes in Hg dynamics along run-of-79 

river systems but fragmentation of rivers by run-of-river dams may affect invertebrate and fish 80 

community structure, thereby modifying Hg food web dynamics.20-22 81 

 82 

This study focuses on a medium-size river system affected by the construction of a pair of run-of-83 

river power plants and characterized by a surrounding watershed that has been recently 84 

disturbed by constructed wetlands, forest fires and logging. Our main objective was to study the 85 
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consequences of run-of-river pondages and concomitant landscape disturbances on carbon 86 

processing and Hg trophic transfer within the aquatic food web. More specifically, we investigated 87 

(1) how fish Hg concentrations fluctuated in relation to disturbances over time; (2) how Hg 88 

methylation and accumulation in the food web was linked to proxies of carbon processing; and 89 

(3) how biomagnification varied as a function of environmental disturbance along the river.  This 90 

study provides one of the first investigations of the link between carbon and Hg cycles in a river 91 

impacted by run-of river dams.  92 

 93 

METHODS 94 

Study Area. The Saint-Maurice River, central Quebec, Canada, is 563 km long and has an average 95 

annual flow of 730 m3/s at the river mouth. The river runs mainly from the Gouin Reservoir that 96 

was flooded in 1918. Fish Hg concentrations in this reservoir have since returned to pre-97 

impoundment levels.7, 23 Chute-Allard (CA) and Rapides-des-Coeurs (RDC) are two consecutive 98 

run-of-river power plants, located 30 km apart along the Saint-Maurice River. Both were built in 99 

2008 close to the Wemotaci First Nation Reserve (47°54.140'N, 73°47.212'W), in which resides an 100 

Atikamekw community (Figure 1). The emplacement of these two dams led to 2 and 3.7 km2 101 

impoundments of forested land for the CA and RDC power plants, respectively. Figure 1 illustrates 102 

the flooded areas (in dark blue) present in the CA pondage. Wetlands were created by digging 103 

numerous channels (0.1 km2; CC) upstream of CA pondage to compensate for habitat 104 

modification and increase biodiversity. Two years post-impoundment, a wildfire (200 km2) 105 

occurred near the CA power plant and related pondage. Logging has also been extensive around 106 

the RDC sector (see Figure 1 for logged and burned areas). Logs were floated on the river until 107 
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the mid-1990s. The Rapide-Blanc dam was constructed in 1930 and formed the 82 km2 Blanc 108 

Reservoir (Figure 1) immediately downstream of the RDC power plant. Water levels in this 109 

reservoir fluctuate markedly (9 m drawdown), and this water body is intensively used by anglers. 110 

These perturbations (constructed wetlands, wildfire, logging, various forms of river dam) 111 

provided a unique opportunity to study the impact of multiple disturbances on the carbon and 112 

Hg cycles of the river. Figure 1 illustrates the nine studied sectors. Ordered from upstream to 113 

downstream, they are a control sector downstream of the Gouin Reservoir (REF1), the Chaudière 114 

Rapids (CR), the confluence of the Najoua and Saint-Maurice rivers (NSM), the second upstream 115 

reference sector (REF2), the confluence of the Manouane and Ruban rivers (MR), the constructed 116 

wetland channels (CC), the upstream pondage of the Chute-Allard power plant (CAUP), 117 

downstream of the Chute-Allard power plant (CADW), the Rapides-des-Coeurs pondage (RDC), 118 

and the Blanc Reservoir (BR). The sectors CC, CAUP, RDC, and BR are considered as flooded 119 

sectors. Water retention times are as follows in pondages and reservoir: CAUP: 15 h, RDC: 51 h, 120 

and BR: 14 days.  121 
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 122 

Figure 1. Sampled sectors along the Saint-Maurice River (Haute-Mauricie region, Quebec, Canada) from 123 
upstream (upper left) to downstream (lower right). The sampled sectors are downstream of the Gouin 124 
Reservoir (REF1), the Chaudière Rapids (CR), the confluence of the Najoua and Saint-Maurice rivers (NSM). 125 
In the inset map (A), the sectors are the second reference sector (REF2), the confluence of the Manouane 126 
and Ruban rivers (MR), the constructed wetland channels (CC), the pondage upstream of the Chute-Allard 127 
power plant (CAUP), and the sector downstream of the Chute-Allard power plant (CADW). The two most 128 
downstream sectors are the pondage upstream of the Rapides-des-Coeurs power plant (RDC) and the 129 
Blanc Reservoir (BR). 130 

 131 

Fish Sampling. In August 2013 and 2016 (5 and 8 years post-impoundment), a private consulting 132 

firm (AECOM, Trois-Rivières, QC, Canada) collected 584 and 1404 fish, respectively. These fish 133 

were used for community24, 25 and muscle [Hg] surveys.26, 27 The collected species were yellow 134 

perch (Perca flavescens), walleye (Sander vitreus), northern pike (Esox Lucius), longnose sucker 135 

(Catotomus catostomus), white sucker (Catotomus commersonii), lake whitefish (Coregonus 136 
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clupeaformis), and fallfish (Semotilus corporalis). Fish weight and length were measured, and 137 

muscle samples were collected close to the dorsal fin. To compare natural and post-138 

impoundment [Hg] ranges, we also used samples of northern pike (n = 204), walleye (n = 259), 139 

and yellow perch (n = 38) collected between 1990 and 1992 from 3 to 4 unimpacted lakes 140 

(according to species) from the Haute-Mauricie region and from 5 to 6 sectors along the Saint-141 

Maurice River. Those sites are referred to as control sectors (CTL) and details are given in 142 

Supplementary Information (SI, Text S1 and Table S1). 143 

 144 

From the fish collected in 2013 and 2016, we selected 354 and 842 specimens, respectively, for 145 

total Hg (THg) analysis. Our aim was to analyze 30 individuals/species/site.26, 27 From the 842 146 

specimens analyzed for THg in 2016, we selected 332 fish samples for MeHg analysis. Those were 147 

selected at random and in duplicates for six size classes per species. Therefore, where possible, 148 

we had 12 samples per species per sector available for [MeHg], δ13C, and δ15N analyses. Juvenile 149 

fallfish (hereafter called minnows) were also collected in 2018 with a hand net from the side of a 150 

boat.28 151 

 152 

Invertebrate Sampling. We collected littoral invertebrates using a kick-net from several micro-153 

niches including rocks, sediments, and macrophytes. We sampled zooplankton from shallow bays 154 

using a plankton net. In our survey, we collected invertebrates from 23 families (SI, Text S2). For 155 

determining the δ15N baseline in a given sector, we considered zooplankton and the following 156 

invertebrate families as the primary consumers: Asellidae, Beatiscidae, Gammaridae, 157 



9 
 

Hydrobiidae, Limnephilidae, Lymnaeidae, Phryganeidae, Physidae, Planorbidae and Sphaeriidae 158 

(SI, Table S2). 159 

 160 

Hg Analysis. Total Hg was measured in dried muscle tissues using a direct Hg analyzer (DMA-80, 161 

Milestone) at University of Montreal and by an external certified laboratory (Veritas Laboratories, 162 

Montreal, QC; ISO 17025) using atomic absorption spectrometry. DMA-80 analyses included 163 

measurements of the reference material TORT-2 (National Research Council of Canada) every ten 164 

samples. The measured [THg] in TORT-2 was 315 ± 5 (± confidence interval (CI), n = 12), a value 165 

within the certified range (270 ± 60 ng/g dw, ± CI). Veritas performed three analytical replicates 166 

on 45 fish samples, and the coefficient of variation was on average 5%. Both methods gave very 167 

similar results during an intercalibration exercise ([THg]DMA = 1.01 ± 0.01*[THg]Veritas + 0.03 ± 0.01 168 

µg/g ww, ± standard error (SE), r2 = 0.99, n = 103; SI, Text S3). 169 

 170 

For MeHg analysis in fish tissue, we digested 8 to 10 mg of dry tissue in 10 mL diluted HNO3 (4 M) 171 

overnight at 65 °C.29 A 25 or 50 µL aliquot was added to 30 mL of Milli-Q water buffered with 172 

acetate. We added tetraethylborate for ethylation, and we detected MeHg through cold vapor 173 

atomic fluorescence spectrometry (Tekran Series 2700, Tekran Instruments Corporation) 174 

according to the U.S. EPA method 1630 (detection limits (DL) of 0.01 ng/L or 0.1 ng/g dw). The 175 

reference material TORT-2 was digested with the samples for each analytical day. The average 176 

value was 151 ± 2 ng/g dw (± CI; n = 57), and the certified value was 152 ± 13 ng/g (± CI). We 177 

modified our analytical protocol slightly to measure THg and MeHg from the same tissue digestate 178 
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when the available biomass was limited. This procedure was tested in our laboratory and is 179 

described in the SI (Text S3).30 180 

 181 

Nitrogen and Carbon Isotope Analyses. Fish and invertebrate samples were freeze-dried in acid-182 

washed glass jars. Samples were homogenized with a glass pestle and weighed (1.0 ± 0.2 mg) in 183 

tin cups. A similar preparation was applied to the reference materials. We analyzed samples with 184 

a Micromass Isoprime 100 isotope ratio mass spectrometer coupled to an Elementar Vario 185 

MicroCube elemental analyzer in continuous flow mode at the GEOTOP laboratory (UQAM, 186 

Montreal, QC, Canada). Our results are given in delta units (δ) in per mill (‰) vs air (δ15N) for 187 

nitrogen and Vienna Pee Dee Belemnite (δ13C) for carbon isotopes. The overall analytical 188 

uncertainty is better than ±0.2‰ and ±0.1‰ for nitrogen and carbon, respectively (SI, Text S4). 189 

 190 

Water Sampling and Analyses. We collected the river water samples from littoral sites at 1 m 191 

depth using Teflon tubing attached to a peristaltic pump. Water samples were collected as 192 

triplicates using either no filtration or an in-line Whatman 0.45 µm filtration capsule attached to 193 

the tubing. All manipulations were made following trace metal protocols. Details regarding the 194 

analysis of aqueous Hg, dissolved organic carbon (DOC), gas, and nutrients are given in SI (Text 195 

S5). 196 

 197 

Data Analyses and Statistics. From the [THg] of 30 individuals from a given fish species, we used 198 

polynomial regressions of total [Hg] as a function of fish length to obtain standardized [THg] for a 199 

given length ([THgstd], northern pike: 600 mm, walleye: 400 mm, and yellow perch: 160 mm) 200 
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following Tremblay et al.31 To calculate the control sector [THgstd], we used all fish samples of a 201 

given species from all control sectors to produce a single polynomial regression. 202 

 203 

Given the heterogeneity among the sectors, we adjusted the δ15N of all organisms according to a 204 

δ15N baseline. The δ15N baseline for each sector (j) was determined as the average δ15N of primary 205 

consumers (δ15NBaselinej; SI, Table S2). The δ15NBaselinej was subtracted from the δ15N value of each 206 

organism (i) in each sector (j) to obtain adjusted δ15Nij (δ15Nadj) values for all organisms according 207 

to the equation: 208 

δ15Nadj = δ15N𝑖𝑗 − δ15NBaseline𝑗        (1) 209 

Assuming an increase in δ15N values of 3.8‰ per trophic level, δ15Nadj values for fish ranged from 210 

1.7‰ to 9.3‰, covering about two trophic levels.32 To interpret our results, we separated the 211 

collected fish into two groups, i.e., low trophic level fish having δ15Nadj <5 (trophic level <3.5) and 212 

the remaining fish considered as high trophic level fish (δ15Nadj >5; trophic level >3.5). We selected 213 

the value δ15Nadj = 5 on the basis of the inflection point in the data (Figure S3). We considered 214 

that this inflection corresponds to a shift in the diet between the two fish groups. Furthermore, 215 

we selected this value to include most juvenile fallfish and suckers, given their diet, in the low 216 

trophic level fish category. 217 

 218 

The [Hg] and [MeHg] were log-transformed to meet the conditions of normality. To test the link 219 

between [MeHg] and the δ13C and δ15Nadj, we performed simple regressions when conditions 220 

were respected. To test whether trophic magnification slopes differed among sectors, we 221 
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performed analyses of covariance (ANCOVA) followed by post hoc Tukey test (all sectors paired, 222 

lsmeans R package, α = 0.05). 223 

 224 

Linear mixed effect models (R package lmer) were conducted to explain variations in organismal 225 

[MeHg] (response variable) with δ15Nadj, δ13C, or δ15Nadj*δ13C (predictor variables, fixed effects), 226 

and river sectors set as a random effect. We compared those three models (δ15Nadj, δ13C, or δ15Nadj 227 

+ δ13C) among different groups, i.e. primary consumers, secondary consumers, all invertebrates, 228 

low trophic level fish, high trophic level fish, all fish, and all organisms. We selected the most 229 

parsimonious model by relying on the Akaike information criterion (an AIC >4 between the best 230 

pair of models; Table S3).33 Residuals of the best model were evaluated for normality and 231 

homoscedasticity. R (version 3.5.3), RStudio (version 1.3.1056), and Sigmaplot 13 (Systat Software 232 

Inc.) software were used for all our statistical analyses and their visualization. 233 

 234 

RESULTS AND DISCUSSION 235 

Fast Rise and Decline of Fish Hg Concentrations in Run-of-River Pondages. For both run-of-river 236 

pondages, CAUP and RDC, the [THgstd] in northern pike, walleye, and yellow perch rose 2.1 ± 0.6 237 

(± standard deviation (SD)) times in 2013, five years after impoundment, compared with 238 

measured [THgstd] from the control sectors (CTL; Figure 2). For the older reservoir downstream 239 

(BR), the [THgstd] increase was only 1.4 ± 0.2 times higher. Walleye and yellow perch [THgstd] were 240 

1.8 ± 0.1 times higher in CAUP and RDC in 2013 relative to the control sectors (Figure 2a, b). In 241 

contrast, the increase in northern pike [THgstd] was more pronounced five years post-242 

impoundment with [THgstd] 2.8 ± 0.2 times higher than the control sectors (Figure 2c). Elevated 243 
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fish [Hg] led regional health agencies to establish more stringent guidelines in regard to fish 244 

consumption by the surrounding communities.24 In 2013, the [THgstd] for northern pike and 245 

walleye in the run-of-river pondages were approx. 2.0 and 1.2 µg/g ww, respectively, levels above 246 

the Health Canada recommendations for commercially sold fish (0.5 µg/g ww).6  247 

 248 

Figure 2. Length-standardized total Hg concentrations ([THgstd] µg/g wet weight (ww) ± CI) five (2013) and 249 
eight years (2016) after CAUP and RDC impoundments for (a) 160 mm yellow perch, (b) 400 mm walleye, 250 
and (c) 600 mm northern pike from sampled sectors on the Saint-Maurice River (Quebec, Canada). Sectors 251 
are presented from upstream to downstream (Figure 1), with the exception of the regional control sectors 252 
(CTL, see Methods and Text S1). CTL, REF1, CR, and NSM are upstream unimpacted sectors, CC is the 253 
constructed wetland, CAUP and RDC are the run-of-river pondages, and BR is the downstream reservoir. 254 
Significant differences (p ˂0.05) between years (capital letters) and sectors (2016, lowercase letters) are 255 
presented. The red dashed line is the standard Health Canada limit for fish commercialization. 256 
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 257 

To assess the spatial variability of fish Hg contamination, we sampled a greater number of sectors 258 

in 2016 than in 2013 (Figure 2). The additional 2016 sectors produced [THgstd] similar or below 259 

the ones from control sites (Figure 2). We observed an overall decline in [THgstd] in both pondages 260 

and BR between 2013 and 2016. Average fish [THgstd] from 2016 was 70% ± 20% the 2013 average 261 

[THgstd] in CAUP, RDC, and BR, although this decrease was not significant in RDC. [THgstd] 262 

decreases in walleye and yellow perch were important in CAUP and BR and reached the 263 

standardized concentration of control sites, whereas northern pike [THgstd] remained above this 264 

concentration. A follow-up study is required to determine whether Hg concentrations will 265 

continue to decrease in northern pike and fish within the RDC pondage to reach the 266 

concentrations found in the control sites. In the large reservoirs from northern Quebec, the 267 

maximum [Hg] in fish predators are recorded typically 9–14 years post-impoundment. These 268 

concentrations then gradually decrease to natural background values approx. 30 years post-269 

impoundment.7 In comparison, our studied run-of-river systems present a faster Hg dynamics, 270 

which is to be expected given the more limited water retention time (CAUP: 15 h, RDC: 51 h) and 271 

the relatively small flooded area (CAUP: 2 km2, RDC: 3.7 km2). 272 

 273 

The only published studies on Hg bioaccumulation in run-of-river pondages found no significant 274 

differences in the Hg accumulation in macroinvertebrates, fish and birds between run-of-river 275 

pondages and non-impounded rivers.9, 34 In contrast, in large reservoirs such as those 276 

downstream of the La Grande River complex (QC, Canada; 740–2630 km2 of flooded land), 277 

northern pike [THgstd] (700 mm) were 2.1 ± 0.6 µg/g ww five years after impoundment, thus 278 
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similar to those measured in northern pike (600 mm) from CAUP and RDC in 2013 (Figure 2c). 279 

Walleye [THgstd] (400 mm) was two times lower in CAUP and RDC (2013; Figure 2b) compared 280 

with walleye from the large northern Quebec reservoirs, five years after impoundment (2.3 ± 0.6 281 

µg/g ww).7 Higher Hg accumulation in northern pike than walleye in our systems may suggest that 282 

pike feeds in the shallower flooded zones characterized by a higher MeHg exposure, in contrast 283 

with walleye living in deeper waters where upstream uncontaminated water flow is greater.35 284 

These comparisons suggest a marked increase in fish [Hg] from CAUP and RDC pondages 285 

considering their small impoundment surface (CAUP: 2 km2; RDC: 3.7 km2) and water residence 286 

time (CAUP: 15 h; RDC: 51 h)9, 34 More studies are needed to evaluate if this case is an exception 287 

or representative of boreal run-of-river systems. 288 

 289 

We tested several hypotheses that could have explained this fish Hg rise. First, we observed a 290 

marked increase in yellow perch abundance in the CAUP and RDC sectors relative to pre-291 

impoundment conditions (Figure S1). This increase could have led to cannibalism and an 292 

increased food chain length and Hg trophic transfer; however, a detailed analysis revealed that 293 

this demographic shift did not change sector specific trophic length and yellow perch δ15Nadj. 294 

Furthermore, yellow perch from CAUP and RDC were mostly feeding on invertebrates and not on 295 

fish. Thus, Hg accumulation in fish from pondages did not seem related to this demographic 296 

change in the yellow perch population (SI, Text S6).   297 

 298 

Contrary to our prediction, yellow perch and northern pike from constructed wetland channels 299 

(CC) had the lowest [THgstd], at levels below those of the control sites (Figure 2). The size 300 
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distribution of northern pike and yellow perch in CC vs other sites could not explain these low 301 

[THgstd] values (SI, Text S6). In contrast, minnows had a slightly higher [MeHg] in CC than in non-302 

impounded sectors (p = 0.06; Figure S2) and invertebrates [MeHg] were among the highest (Table 303 

S2 and Figure S8). This sector was highly productive and many factors could have favored Hg 304 

methylation in this site.36 Indeed, we measured high total phosphorous and nitrogen 305 

concentrations, and high proportions of MeHg in water (Figure S8). High prey density available 306 

for yellow perch could have caused a high fish growth rate and Hg somatic growth dilution leading 307 

to low yellow perch and northern pike [Hgstd].37 In a follow-up study, we will investigate how fish 308 

growth could influence Hg concentrations using a biodynamic model.38 309 

 310 

 311 

Factors other than impoundment can contribute to the observed marked increase in fish [Hg] in 312 

the CAUP and RDC pondages. The severe wildfire that occurred in 2010 (two years after 313 

impoundment, Figure 1) may have led to important nutrient and organic matter fluxes into the 314 

CAUP pondage.39 Logging activities around the RDC sector (Figure 1) also likely transferred organic 315 

matter to the aquatic system.40 Logging and wildfires, although the latter to a lesser extent, can 316 

increase the [Hg] in stream invertebrates,41 lacustrine zooplankton, and northern pike.16, 39 317 

Indeed, Garcia and Carignan16, 39, 42 observed a moderate rise in organismal MeHg concentrations 318 

in lakes impacted by wildfires in contrast to those impacted by logging activities. Similarly, we 319 

observed a shorter duration of the [THgstd] rise in the sector CAUP, impacted by the 2010 wildfire, 320 

in contrast with RDC where the [THgstd] in fish did not significantly decrease in 2016 compared to 321 
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2013. An ongoing parallel study is attempting to better understand the impact of these landscape 322 

perturbations on Hg methylation in the sediments of this system.43 323 

 324 

Carbon Processing and Hg Methylation. When considering only fish samples, the relationship 325 

between [MeHg] and δ15Nadj was not linear but rather presented a V-shape (Figure S3). Low 326 

trophic level fish (LTLF) had higher than the expected [MeHg] based on their trophic status; 327 

therefore, we tested the [MeHg] and δ15Nadj relationship for these fish. This regression yielded an 328 

unusual negative relationship, where δ15Nadj explained only 2% (r2 = 0.02, p = 0.03, Figure S4a, 329 

AICLTLF-15N = 23) of the [MeHg] variability. In contrast, the regression of [MeHg] as a function of 330 

δ13C with the same fish was highly significant, and it explained 17% of [MeHg] variability (r2 = 0.17, 331 

p < 0.0001, AICLTLF-13C = -5, Figure 3a). A similar trend was found for primary and secondary 332 

consumer invertebrates, where [MeHg] variability was, in those two cases, explained better by 333 

δ13C  than by δ15Nadj (Figures 3b and 3c, Table S3). These results suggest that organisms with more 334 

negative δ13C values have a higher MeHg exposure than organisms with less negative δ13C values. 335 

Furthermore, the δ13C for high trophic level fish was significantly lower in the flooded sectors (CC, 336 

CAUP, RDC, BR) than in the upstream sites (Figure S5). This analysis of variance was performed 337 

using either all fish combined (Figure S5a) or either only northern pike or walleye (Figure S5b and 338 

S5c, respectively). Carbon processing in the flooded zones appears to have led to depleted δ13C 339 

values and an overall higher MeHg accumulation in food webs. We explored whether water 340 

samples could help clarify these biogenic δ13C patterns. 341 
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 342 
 343 

Figure 3. Log-transformed methylmercury concentrations (Log [MeHg], ng/g dw) in (a) low trophic 344 

level fish (Low TL), (b) secondary consumer invertebrates, and (c) primary consumer invertebrates 345 

as a function of their carbon stable isotopic signature (δ13C, ‰). Organisms were sampled from 346 

the Saint-Maurice River, Quebec, at various sectors (see the legend and Figure 1). No 347 

invertebrates were collected in sectors REF1 and CR. Flooded sectors are CC, CAUP, RDC, and BR. 348 

 349 

Dissolved CO2 concentrations were negatively correlated with the δ13C of dissolved CO2 (δ13C-350 

CO2; Figure 4a). This highly significant regression (r2 = 0.86, p < 0.0001) suggests that higher 351 

bacterial respiration from the degradation of allochthonous (submerged soils and plants) and 352 

autochthonous (periphyton and macrophytes) organic material led to a release of 13C-depleted 353 
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CO2.44, 45 Lennon et al.44 studied lake systems presenting a gradient in terrestrial organic matter 354 

input and suggested that algal uptake of 13C-depleted CO2 from the bacterial degradation of 355 

organic matter led to the large range of measured biogenic δ13C and δ13C-CO2, as we observed in 356 

our study (Figures 3 and 4).44, 45 The DOC and TP concentrations were also negatively correlated 357 

with δ13C-CO2 (Figure 4b, c) which suggests that bacterial respiration was directly or indirectly 358 

stimulated by the presence of DOC and phosphorous.46 Furthermore, the proportion of dissolved 359 

MeHg in water ([MeHg]D/[THg]D × 100) was negatively correlated to the δ13C-CO2 (Figure 4d). 360 

These regressions are indicative of a link between spatial changes of microbial organic carbon 361 

processing, nutrient release, and microbial Hg methylation.  362 

 363 

Figure 4. Relationship between the carbon isotopic signature of dissolved carbon dioxide (δ13C-364 

CO2, ‰) and (a) log-transformed dissolved carbon dioxide concentrations (Log [CO2], µatm); (b) 365 

dissolved organic carbon concentrations ([DOC], mg/L); (c) total phosphorous concentrations 366 

([TP]water, µg/L); and (d) the proportions of dissolved methylmercury (MeHg0.45 µm water, %, 367 

[MeHg]D/[THg]D × 100). Standard deviation is presented for all averages (n = 3). The average and 368 

SD of atmospheric CO2 (n = 9) collected over the water surface (close square) is presented in (a). 369 

This atmospheric value and identified sites (b: CC03, CC04) were not included in the regression 370 

analysis. 371 
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 372 

The measured DOC (3−8 mg/L) and TP concentrations (3−25 µg/L) are in the range where they 373 

are generally positively correlated with CO2 production in lakes,46 and MeHg concentrations in 374 

water and organisms (Figure 4).47, 48 At DOC concentrations higher than 10 mg/L, a negative 375 

relationship with MeHg concentrations in water and organisms has sometimes been observed, in 376 

part related to the lower Hg bioavailability if bound to DOC.47-49 The bacterial respiration has also 377 

been shown to respectively plateau or decline at the highest DOC and TP ranges from several 378 

lakes (>10 mg/L and >11 µg/L, respectively).46 We suggest to include more often the 379 

measurement of CO2 concentrations in future Hg studies to better explain the DOC vs. MeHg 380 

relationships.50     381 

 382 

Hg concentrations in soils, water, and sediments are strongly correlated with the amount of 383 

organic matter in these matrices.51, 52 Here, bacterial decomposition of allochthonous and 384 

autochthonous organic carbon having a δ13C of −28‰53 led to the production of 13C-depleted CO2 385 

of a similar δ13C signature.44, 45 Atmospheric CO2 had a δ13C value of −10.4‰ ± 0.5‰ (± SD, n = 9, 386 

Figure 4a). The δ13C-CO2 values in water ranged from −15‰ to −23‰ (Figure 4), indicating that 387 

approximately one to two third of the dissolved CO2 originated from heterotrophically respired 388 

CO2.44, 54 Carbon dioxide used by primary producers during photosynthesis further fractionated 389 

the carbon isotopes (fractionation of approx. −16‰ for lotic benthic algae having a small 390 

boundary layer)55 to lead to biogenic δ13C values of −31 to −39‰. We recorded organismal δ13C 391 

values in this range (Figure 3), although we observed even more depleted values as well (Figure 392 

3b), suggesting a more important contribution of heterotrophically respired CO2 in some sectors, 393 
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or a contribution of oxidized methane having a δ13C of −42 ± 8‰ (n = 17; ± SD). Run-of-river 394 

pondages CAUP and RDC have been influenced by organic matter inputs subsequent to wildfire 395 

and logging activities; thus, organic matter degradation and concurrent Hg methylation (Figure 396 

4d),10 as well as the release of nutrients (Figure 4c), likely favored primary production, MeHg algal 397 

uptake, and its transfer up the food chain. Considering that DOC, TP, %MeHg, and CO2 were higher 398 

in CAUP, in contrast to RDC (Figure 4), we suggest that the wildfire in the CAUP watershed led to 399 

a short-term rise in MeHg favored by autochthonous productivity (as in the sector CC; Figure 4). 400 

In contrast, the RDC watershed influenced by logging could have released allochthonous DOC and 401 

probably, terrestrially-produced MeHg over a longer period, leading to a longer fish 402 

contamination in that sector (Figure 2).56 In rivers impacted by run-of-river pondages, flooded 403 

bays and plains are sites of terrestrial organic matter accumulation and recycling, Hg methylation, 404 

and high production.43 Our study revealed that δ13C could track both Hg methylation and organic 405 

carbon processing as well as bolster predictions of MeHg accumulation within aquatic food webs. 406 

 407 

Trophic Magnification Slope among Sectors. Highly significant (p < 0.0001) relationships were 408 

obtained between the entire food web [MeHg] and the δ15Nadj of specific sectors in 2016 (Figure 409 

S6a and S7; statistical details in Table S4). Overall, the whole food web TMS values did not show 410 

any upstream–downstream trends. The lowest TMS was measured in the constructed wetlands 411 

(CC), and similar values were calculated for the adjacent pondage CAUP and sector MR (p ˃ 0.05). 412 

The TMS from the RDC pondage food web was significantly higher than that from CAUP and CC. 413 

In our most downstream sector, the Blanc Reservoir (BR), TMS was similar to the upstream site 414 

NSM. TMSs calculated for high trophic level fish (Figure S6b) were generally greater than those of 415 
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the whole food web (Figure S6a).57 There was no significant difference between TMSs among 416 

sectors for high trophic level fish. Overall, TMS values varied greatly, and one of the lowest TMS 417 

was measured in the most Hg-contaminated sector (CAUP). We therefore deepened our analysis 418 

to investigate what possible factors influenced TMS values. 419 

 420 

Influence of Chemistry and Low Trophic Level Processes on Biomagnification. TMSs calculated 421 

using all organisms (Figure S6a) produced a wide range of values comparable to those obtained 422 

from a worldwide meta-analysis.18 TMSs were positively correlated with the average organismal 423 

δ13C (Figure 5a). This likely indicates that decomposition of organic matter from allochthonous 424 

and autochthonous origins and the associated release (Figure 4a) and uptake of 13C-depleted CO2 425 

was associated with MeHg accumulation at low trophic levels (Figure 3) and the change in TMSs 426 

(Figure 5d). There is a mathematical dependency in Figure 5d but according to Verburg,58 the 427 

more plausible mathematical condition that could have influenced TMS values was the higher 428 

[MeHg] variation among sectors for low trophic levels compared to high trophic levels.58 TMSs 429 

were also negatively correlated with nutrients (Figure 5b) and the proportion of MeHg in water 430 

(Figure 5c). These correlations are probably an indirect effect of higher MeHg accumulation within 431 

low trophic levels in conditions where there are higher concentrations of nutrients and MeHg in 432 

water (Figure S8b–d). Our results are consistent with those of Clayden et al.19, who reported low 433 

TMSs in lakes characterized by high concentrations of dissolved MeHg and nutrients. These 434 

interdependent environmental parameters indirectly affected TMS through the change in MeHg 435 

concentrations at low trophic levels (Figure 5d). These findings must be considered in future 436 

studies when interpreting TMSs for tracking MeHg biomagnification. 437 
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 438 

Figure 5. Trophic magnification slopes (TMS, log ng/g·‰ ± SE, from Figure 6a) as a function of (a) 439 

organismal δ13C from all organisms sampled within a specific sector; (b) total dissolved nitrogen 440 

([TN]water, 0.45 µm, µg/L ± SE, n = 3–48) and aqueous total phosphorous ([TP]water, µg/L ± SE, n = 3–441 

48); (c) aqueous proportions of total MeHg (total [MeHg]/total [Hg] × 100, % ± SE, n = 3–48); and 442 

(d) primary consumer [MeHg] (circles and solid line, log[MeHg] ± SE, Table S2) and trophic 443 

magnification intercepts (TMI, triangles and dashed line, log[MeHg], ng/g dw ± SE, Table S2). 444 

Sectors are indicated with their abbreviation. 445 

 446 

Carbon Isotopes to Better Predict MeHg Bioaccumulation.  The overall (all sectors combined) 447 

relationship of [MeHg] as a function of δ15Nadj predicted 67% of [MeHg] variability in invertebrates 448 

and fish (Figure 6a). Both δ15Nadj and δ13C explained part of the variability of MeHg 449 

bioaccumulation in fish and invertebrates (Figures 3 and S6). Some of this variability was also 450 

explained by differences between sectors as suggested by the significant differences between 451 
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TMSs (Figure S7). We ran a linear mixed model (LMM) that accounted for δ13C, δ15Nadj, and sector 452 

influences. This model explained 80% (conditional r2 = 0.80) of the variability in food web [MeHg]. 453 

Nine percent (marginal r2 = 0.71) of this overall variation related to intersector differences. Figure 454 

6b presents the model with the sector differences removed. When relying on both isotopic 455 

signatures, we predicted 71% (Figure 6b) of the MeHg concentrations, whereas 67% of the 456 

variability was explained when using only δ15Nadj (Figure 6a). The slope of the regression in Figure 457 

6b is closer to one, and the intercept is closer to zero, indicating a better prediction for the LMM 458 

(AIC = 322) than the simple regression model from Figure 6a (AIC = 445, ANCOVA: p = 0.002). 459 

Furthermore, we performed independent LMM comparisons (δ15Nadj, δ13C, and δ15Nadj + δ13C) for 460 

primary and secondary consumer invertebrates, low and high trophic level fish, and by grouping 461 

all invertebrates and all fish (Table S3). In all cases, the model using both isotopic signatures was 462 

more accurate than using only δ15Nadj (Table S3; AIC >4). For primary consumers and low trophic 463 

level fish, the combined model (δ15Nadj + δ13C) was not better than using δ13C alone (Table S3), 464 

further indicating the relevance of considering carbon processing (δ13C) along with 465 

trophodynamics (δ15Nadj) in MeHg bioaccumulation prediction models. 466 
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 467 

Figure 6. Predicted log [MeHg] (ng/g dw) as a function of measured log [MeHg] (ng/g dw) for all sampled 468 
organisms and all sectors together. (a) Simple regression model with δ15N (‰). (b) A linear mixed model 469 
including the carbon stable isotope (δ13C, ‰) and nitrogen stable isotope (δ15N, ‰) signatures. The slopes 470 
for both fixed variables δ15N and δ13C are 0.21 ± 0.01 and −0.06 ± 0.02 (p ˂ 0.001), respectively. For the 471 
linear mixed model (LMM), if sectors are set as a random effect, r2 = 0.80. The two models (a and b) are 472 
significantly different (p = 0.002). 473 

 474 

Relationships between [MeHg] and δ13C have been observed for lake organisms,59, 60 with pelagic 475 

organisms having higher [MeHg] and lower δ13C compared to littoral organisms.22, 61-63 Few 476 

studies have related organism [MeHg] to δ13C in streams or rivers. One reason is that the δ13C 477 

range is generally larger in lakes than in rivers because of the higher methanogenesis and CO2 478 
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recycling in lakes, and related methylation.44, 50, 64 We found only one study in lotic environments 479 

that observed δ13C to be a better predictor than δ15N for determining Hg accumulation in stream 480 

macroinvertebrates.65 The authors linked this observation to, at least in part, scrapers and 481 

filterers foraging in sun-exposed sites characterized by a higher production of periphytic biofilm 482 

(low δ13C and high Hg) as compared with invertebrates in shaded sites that forage on land detritus 483 

(high δ13C and low Hg). We suggest that a similar process is occurring at various extents for 484 

periphyton-based vs. detrital-based food chains, pelagic vs. littoral organisms, or in the present 485 

case, between run-of-river pondages vs. upstream site organisms. The former locations 486 

(periphyton-based food chain, pelagic zones and pondages) are where degradation of organic 487 

matter (leading to low δ13C values) and parallel MeHg formation occur predominantly. 488 

Furthermore, the nutrients associated with the terrestrial organic matter inputs lead to greater 489 

algal production and MeHg trophic transfer. We propose that the rather slow degradation of Hg-490 

rich allochthonous organic matter in flooded plains and bays from run-of-river pondages fuels the 491 

primary production by the release of nutrients, and thus favor the presence of autochthonous 492 

material more prone to bacterial degradation and parallel Hg methylation.56 Those nutrient-rich 493 

environments are ideal for foraging and MeHg trophic transfer.  494 

 495 

Run-of-river impoundments accumulate organic matter transported from upstream sources 496 

released through landscape disturbances, e.g. logging and forest fires, fueling nutrient release, 497 

Hg methylation, biological production, and MeHg food web transfer. Additional studies should 498 

assess whether these Hg surges are common, particularly in landscapes modified by multiple 499 

natural and anthropogenic disturbances. 500 
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